Abstract: Pinus contorta is a widespread and ecologically damaging invasive tree in the southern hemisphere. Land managers want control methods that limit reinvasion by P. contorta and promote the recovery of native plant communities and ecosystem functions. Recovery of native vegetation may be slow if native seed supply is limited and/or introduced mammals destroy seeds and seedlings. We investigated how tree control method (felling or poisoning), seed addition, and exclusion of introduced mammals affected subsequent seedling establishment in montane stands of invasive P. contorta. Tree control method had a significant effect on seedling establishment: felling trees promoted establishment of P. contorta seedlings, whereas poisoning trees favoured establishment of native seedlings (provided seeds were available). Native seedling establishment was higher where seeds were sown, indicating native seed limitation at these sites. Excluding introduced mammals increased P. contorta seedling establishment, but did not have a significant effect on native seedling establishment. Our results indicate that poisoning P. contorta is a better management approach than felling where native seedling establishment is the desired outcome, and that this outcome can be enhanced by sowing native seed.
Introduction
Invasive trees have substantial impacts on biodiversity and ecosystem function in many regions of the world (Froude 2011; Richardson et al. 2014) . Impacts can include changes to native biodiversity, hydrology, fire regime, nutrient cycling, and successional processes (Lamarque et al. 2011; van Wilgen & Richardson 2012; Dickie et al. 2014) , and reductions in the utility and value of agricultural and recreational land (Froude 2011) . Despite a growing understanding of tree invasion impacts, the long-term outcomes for invaded sites are often unclear. Invasive trees that establish into naturally treeless environments can be particularly detrimental to native vegetation and ecosystem processes, and in some cases these effects are irreversible (Rundle et al. 2014) . On the other hand, invasive trees can sometimes provide ecosystem benefits in areas where the native vegetation has been cleared by humans -i.e. in 'unnaturally' treeless environments. For example, studies from New Zealand and elsewhere have documented a diverse, abundant native subcanopy within stands of non-native trees (Ashton et al. 2014 (Sri Lanka) ; Brockerhoff et al. 2003 (New Zealand); Geldenhuys 1997 (South Africa); Lemenih et al. 2004 (Ethiopia) ). In some situations, native plants recruit naturally if native seeds are present and environmental conditions are suitable. In other cases, native recruitment can be facilitated by management intervention, such as sowing seeds or planting seedlings. Several studies have examined the potential for non-native plantation forests to facilitate indigenous forest restoration (Zerbe 2002; Lemenih et al. 2004; Onaindia et al. 2013) , and some authors have suggested that non-native forests might even be completely replaced by native plant succession under some circumstances (Williams 2011; Geldenhuys 2013; Wotton & McAlpine 2013 ).
The method of invasive tree control can affect subsequent establishment of native and invasive plants. Felling invasive trees and planting native species can help to restore native vegetation to an invaded site (e.g. Ashton et al. 1997 ), but this is labour intensive, costly, and has no guarantee of success (Kettenring & Adams 2001) . The removal of established trees increases light availability at the soil surface, which tends to favour colonisation by light demanding species (Bazzaz 1979) . Where native plants are poor competitors against invasive species, the early colonisers following this type of control can be exotic, invasive species -often including reinvasion by the species being controlled (D'Antonio & Meyerson 2002; McAlpine et al. 2009; Ostertag et al. 2009 ). Control methods that minimise canopy disturbance, for example by leaving dead trees standing, can be more conducive to the establishment of native plants that have a competitive advantage in the shade (Loh & Daehler 2007; Funk & McDaniel 2009; Paul & Ledgard 2009 ).
Native seedling establishment following invasive tree control may be reduced if herbivorous (or omnivorous) introduced mammals are present (Spear & Chown 2009; Overdyck et al. 2013) . Introduced mammals can also have beneficial effects on native vegetation, such as dispersing native seed (Williams et al. 2000; Shiels 2011) or suppressing invasive plant establishment (Zavaleta et al. 2001; Kessler 2002) , but in general their effects are detrimental (Vázquez 2002) . Studies that examine the effects of controlling introduced mammals for conservation purposes commonly report an increase in native plant regeneration (e.g. Allen et al. 1994; Husheer & Robertson 2005; Blick et al. 2008; Wright et al. 2012; Cole & Litton 2014) , although invasive plant species can increase in abundance too (Zavaleta et al. 2001 ). In New Zealand, common introduced mammals such as brushtail possums (Trichosurus vulpecula), red deer (Cervus elaphus), sika deer (Cervus nippon), goats (Capra hircus) and ship rats (Rattus rattus) can reduce native plant abundance and species diversity, alter native species composition, and restrict native seedling establishment (Wardle et al. 2001; Wilson et al. 2003; Adkins 2012) .
Conifers, and particularly pines (species in the genus Pinus), are invasive in many southern hemisphere countries, having spread widely from planted populations (Richardson et al. 1994) . Pinus contorta is one of the worst; it readily invades unforested areas and causes significant problems in many countries (Richardson & Rejmánek 2004; Gundale et al. 2014) . In New Zealand, P. contorta and other invasive conifers have established on more than 1 million hectares, which represents a significant management cost to both local and national government agencies (New Zealand Wilding Conifer Management Group 2014) . Despite the scale of the problem, in many situations the long-term outcome of P. contorta invasion is uncertain. Pinus contorta seedlings are shade-intolerant, and do not establish within P. contorta forest in the absence of disturbance (Coates 2000) . Conversely, a naturally established native subcanopy has been recorded in P. contorta forest in New Zealand (Howell & McAlpine 2016) , so it is conceivable that the generation of vegetation that follows the senescence of P. contorta could be predominantly native in some areas. Furthermore, development of a native subcanopy could potentially be facilitated by management actions, as has been achieved in populations of other invasive tree species both in New Zealand and elsewhere (Loh & Daehler 2007; Paul & Ledgard 2009 ). The objective of our study was to determine how two methods of controlling P. contorta affected subsequent native and P. contorta seedling regeneration in a New Zealand montane environment below the natural treeline. We hypothesised that felling P. contorta trees would favour regeneration of P. contorta over natives, whereas the partial shade conditions created by poisoning P. contorta trees would favour regeneration of natives over P. contorta. We also hypothesised that the rate of native regeneration following P. contorta control could be increased by adding native seed and excluding introduced mammals. (39.34 S, 176.47 E) . Mean annual max-min temperatures are 5.6-15.3°C and mean annual precipitation is 1279 mm. Pre-human vegetation at these sites comprised native forest, but seral grasslands became established due to fires induced by humans (Rogers 1994) , soon after they arrived c. AD 1280 (Wilmshurst et al. 2008) . Subsequent burning and conversion to farmland maintained an open vegetation of native grasses, mānuka (Leptospermum scoparium), scrub and bare soils (Elder 1959) . Pinus contorta spread to the study sites from populations that were deliberately established in the 1960s to prevent soil erosion (Cunningham & Roberts 1970) . Both study sites are within 400 m of remnants (>5 ha) of native forest, dominated by mountain beech (Fuscospora cliffortioides) but including a mix of other native tree species such as F. fusca (red beech) and gymnosperms Phyllocladus alpinus and Podocarpus cunninghamii. Sika deer, red deer, brushtail possums, ship rats, pigs (Sus scrofa), goats, hares (Lepus europaeus occidentalis), rabbits (Oryctolagus cuniculus cuniculus), and house mice (Mus musculus) are likely to be present at both sites (Davidson & Fraser 1991; King 2005) .
Materials and methods

Site
Twelve 30-m diameter groups of trees were selected in 7-14 m high, closed-canopy P. contorta forest at both the Black Birch and Don Juan sites, giving a total of 24 groups. Each group was at least 20 m from any forest edge, tree fall gap, or other group.
Pinus contorta treatments
Treatments were randomly assigned: at each site, four patches of trees were felled, four patches were poisoned, and four patches were left untreated as experimental controls. One long-term aim of the research project was to test the effect of treatment area size on natural regeneration and growth of native plants (not reported here), so the area treated within each patch was either 'small' (diameter approximately equivalent to canopy height, 7-14 m) or 'large' (diameter approximately twice the canopy height, 14-28 m).
The poisoning treatment was done between September and December 2011. Individual trees were poisoned by applying 20% Triclopyr ester 600 g/L (Grazon TM ) in diesel to the bark at the base of the tree, using a low-pressure spray gun. Cuts were made through the outer bark with a small axe and the trunk was fully covered (not dripping) from ground level upwards to a height equal to two times the trunk diameter. The felling treatment was done in March 2012. All trees within the treatment area were felled by chainsaw. Trees were cut below the lowest green needles, approximately 0.5 m to 1 m above the ground. For safety and accessibility reasons, trees were felled in the same direction (usually downhill) wherever possible.
Following P. contorta control treatments, eight 50 × 50 cm plots (0.25 m 2 ) were established within each patch, giving a total of 192 plots across the two sites. In the poisoned and untreated patches, these 50 × 50 cm plots were placed between larger (2 × 2 m) plots established for a different experiment (not reported here). Each patch had four of these large plots, centred on north, south, west, and east axes, 3 m from the patch centre. For the current experiment, the eight 50 × 50 cm plots were placed in flat or gently sloping areas clear of standing or felled trunks, approximately 2-3 m from the patch centre and evenly distributed between the large plots. In felled patches, pine slash up to 2 m deep made plot placement difficult. In most felled patches, plots were located 2-4 m from the patch centre, but in two felled patches some plots were as much as 7 m from patch centre. Proximity of plots to pine slash was variable, but most plots would have been shaded by nearby pine slash at some point of each day. In each patch, the eight plots were randomly allocated one of four combinations of seed sowing and cage treatments (two plots per combination): no seed, no cage; no seed, with cage; with seed, no cage; with seed, with cage.
Seed sowing
Seeds of P. contorta and three native species were collected from adult plants within the Kaweka Forest Park in May 2012. We chose native species that were naturally present in the area and capable of establishing beneath a forest canopy: dry-fruited Fuscospora fusca (red beech) and F. cliffortioides (mountain beech), and fleshy-fruited Coprosma grandifolia (large-leaved coprosma). These species are all palatable to herbivores (Allen et al. 1984; Husheer et al. 2003) , as is P. contorta (Ledgard & Norton 2008) . Fruit flesh was manually removed from C. grandifolia seeds. Seeds of all species were stored at room temperature in dry paper bags for 2 weeks before sowing in May 2012. Seeds were sown directly onto the undisturbed soil/ leaf litter surface of plots allocated the seed sowing treatment. The number of seeds sown per plot varied according to seed availability: 100 for P. contorta, F. fusca, and F. cliffortioides, and 50 for C. grandifolia, making a total of 350 seeds sown per 50 × 50 cm plot. In order to minimise seed displacement outside plot boundaries by water or gravity, seeds were sown onto the middle 30 × 30 cm of the plot or, in sloping plots, closer to the upper edge of the plot. Seedlings (including those at the cotyledon stage) of the sown species were counted in May 2012, before seed sowing, then again in February 2014, 2 years after seed sowing.
Exclusion of introduced mammals
In order to exclude seed and seedling consumers, we constructed closed-top cages from 19 mm aperture, stainless steel welded mesh. We expected this mesh aperture to exclude most introduced mammals, excepting mice and small rats (unpubl. data, Tim Day, Xcluder® Pest Proof Fencing). Cages were 60 cm square and 30 cm high. In May 2012, after seeds had been sown, cages were pinned securely to the ground over plots allocated the cage treatment, using a minimum of eight 13-cm galvanised steel pins per cage. Where necessary, the soil was lightly excavated around the plot edge to allow the cage edge to tightly fit ground contours. Pine needles readily fell through the mesh, so very little leaf litter accumulated on top of the cages.
Effects of Pinus contorta treatments on canopy openness
We predicted that our pine treatments would have significantly different effects on light availability, which in turn could influence seedling establishment. Canopy openness was used as an index of light availability. To quantify percentage canopy openness we took photographs of the forest canopy in February 2014, two years after P. contorta treatments. We used a Canon EOS 50D digital SLR camera and 4.5 mm Sigma EX DC hemispherical (fisheye) lens. Photographs were digitally analysed using HemiView image processing software to calculate the proportion of sky visible through the canopy (= canopy openness) (HemiView Forest Canopy Analysis System v8, Delta-T Devices, Cambridge, UK). Four photos were taken in each patch, approximately 3 m from the patch centre and 1 m above the ground, in north, south, east, and west directions. The canopy openness values from these four photos were then averaged to give a single value for each patch. This approach meant that the average canopy openness value assigned to a patch was not necessarily an accurate reflection of the canopy openness directly above any individual seed sowing plot in that patch -particularly in felled patches, where depth and proximity of pine slash was variable. However, this approach was deemed sufficient for our purposes, given the large expected difference in canopy openness between felled and non-felled treatments.
Statistical analysis
We tested whether pine treatment (untreated, poisoned or felled) had a significant effect on canopy openness. We fitted a beta regression model with variable precision using the betareg package (Cribari-Neto & Zeileis 2010) in R 3.2.1 (R Core Team 2015). Beta regression is a relatively new statistical technique suitable for modelling continuous data restricted to values between zero and one, such as canopy openness (Korhonen et al. 2007 ).
We ran two analyses to test the effect of P. contorta treatment, seed sowing and caging on seedling presence and abundance: one for native seedlings (sown species only), and a second for P. contorta seedlings. We fitted generalised linear mixed-effects models (GLMMs) using the R package lme4 (Bates et al. 2014) . Seedlings were absent from many plots, leading to zero-inflated abundance data. Therefore, we modelled seedling presence and abundance as a two-step process (Martin et al. 2005) : 1) seedling presence in plots, and 2) seedling abundance in those plots where at least one seedling was present. Seedling presence was modelled as a binary response variable with a Bernoulli error distribution and a logit link function. Abundance-when-present (hereafter abundance) was modelled with a Poisson distribution and a log link function. We included 'pine treatment', 'seed sowing', 'cage', 'site' and 'patch size' as fixed effects, and 'patch' as a random effect in both models. Seedling abundance data were overdispersed (approximate overdispersion parameter >1, calculated as the ratio of the sum of squared Pearson residuals to the residual degrees of freedom), so we also included 'plot' as a random effect to model between-subject heterogeneity (Breslow 1984) . We calculated marginal R 2 (variance explained by fixed effects only) and conditional R 2 (variance explained by both fixed and random effects) to determine the goodness of fit and amount of variance explained by seedling presence and abundance models (Nakagawa & Schielzeth 2013) .
Results
Effects of Pinus contorta treatments on canopy openness
Pinus contorta treatment had a significant effect on canopy openness (z = -18.85, P < 0.0001). Trees in poisoned patches were still dying 2 years after treatment; most retained brown needles on at least some branches, and some (particularly bigger trees) still had green needles. Not surprisingly, percentage canopy openness was significantly greater in felled patches (41.5 ± 15.7%, mean ± s.d.) than in untreated patches (16.7 ± 3.6%; z = 5.64, P < 0.0001). However, canopy openness did not differ significantly between untreated and poisoned (18.4 ± 3.5%) patches (z = 1.016, P = 0.31). Pine treatment explained 64.7% of the variance in percent canopy openness. Canopy openness was most variable in felled patches because of the variability of depth and proximity of pine slash in relation to photo points (see Methods).
Native seedlings
Before seed sowing, there were ten seedlings of the native sown species (eight C. grandifolia and two F. fusca) present in five of the 192 plots. All native seedlings counted 2 years after sowing were beyond the cotyledon stage. Seed sowing had a greater effect than other experimental treatments on the presence of native seedlings in plots after 2 years (n = 192 plots, z = 7.21, P < 0.0001; Fig. 1) . Results of z-tests were consistent with whether 95% confidence intervals on coefficients included zero. Native seedlings were largely absent from plots without seeds added (present in only 4% of plots, compared with 69% of plots with seeds added). Across all plots, adding seeds increased native seedling abundance 27-fold (5.14, 0-34 seedlings; mean and range) compared with plots with no seeds added (0.19, 0-15). Pinus contorta treatment also had a significant effect on native seedling presence and abundance (Fig. 1) . Native seedlings were less likely to be present in plots where P. contorta was felled (22% of plots) than in untreated plots (42%; z = -2.88, P = 0.004; Fig. 1 ). Poisoning P. contorta significantly increased native seedling abundance in plots where at least one seedling was present (4.45, 0-34; n = 70 plots, z = 2.75, P = 0.0059) compared with untreated plots (1.88, 0-16), but there was no significant difference between felled plots (1.66, 0-29) and untreated plots (z = 0.741, P = 0.46; Fig. 1 ). Caging had no significant effect on native seedling presence (z = -1.340, P = 0.18) or abundance (3.4, 0-34; z = -1.080, P = 0.28) compared with uncaged plots (1.9, 0-19; Fig. 1 ). Native seedlings were more abundant at Don Juan than Black Birch (z = 3.14, P = 0.0017; Fig. 1 ). Fixed effects in the fitted model for native seedling presence explained 62% (marginal R 2 ) of the variance in the data (conditional R 2 = 0.69). Fixed effects in the native seedling abundance model explained 26% (marginal R 2 ) of the variance (conditional R 2 = 0.31).
Pinus contorta seedlings
Before seed sowing, there were five P. contorta seedlings present in three of the 192 plots, all at the cotyledon stage. Most P. contorta seedlings recorded 2 years after seed sowing were beyond the cotyledon stage, although some cotyledonstage seedlings were also recorded. Pinus contorta treatment and caging both influenced P. contorta seedling presence and abundance after 2 years (Fig. 2) . When P. contorta trees were felled, P. contorta seedlings were more likely to be present (70% compared with 9% of untreated plots; n = 192 plots, z = 5.565, P < 0.0001) and were significantly more abundant (6.20, 0-71, mean and range; n = 64 plots, z = 2.92, P = 0.003) than in untreated plots (0.16, 0-3; Fig. 2 ). Poisoning had no significant effect on P. contorta seedling presence (z = 1.66, P = 0.097) or abundance (0.53, 0-18; z = 0.651, P = 0.51490) compared with untreated plots (Fig. 2) . Caging significantly increased P. contorta seedling presence (z = -2.29, P = 0.022) and abundance (3.94, 0-71; z = -4.13, P < 0.0001) compared with uncaged plots (0.66, 0-9; Fig. 2 ). Seed sowing had no influence on P. contorta seedling presence (z = -0.78, P = 0.43) or abundance (2.5, 0-71) compared with plots without seeds sown (2.1, 0-31; Fig. 2 ). Fixed effects in the fitted model for P. contorta seedling presence explained 43% of the variance in the data (conditional R 2 = 0.43). Fixed effects in the fitted model for P. contorta seedling abundance explained 45% of the variance in the data (conditional R 2 = 0.46).
Discussion
Our results demonstrate that the method used to control invasive trees can strongly influence the composition of subsequent seedling regeneration; poisoning P. contorta trees promoted the establishment of native seedlings (where seed was added), whereas felling trees promoted the establishment of P. contorta seedlings. Other studies have demonstrated that control methods that leave dead trees standing (e.g. poisoning, ring-barking) can facilitate native seedling establishment, particularly at sites with a nearby native seed Pinus contorta seedling model coefficients source and sufficient rainfall (Wakibara & Mnaya 2002; Loh & Daehler 2008; Hughes et al. 2012) . In a New Zealand study of vegetation succession following control of the congener P. radiata, the authors suggested that the shade of dead standing trees favoured regeneration of shade-tolerant native species, whereas the high light levels and soil disturbance created by felling P. radiata favoured the growth of P. radiata and other light-demanding non-native species (Paul & Ledgard 2009 ). Differences in available light likely influenced our results too, given that average canopy openness in felled patches was more than double that of untreated and poisoned patches. Like P. radiata, P. contorta is light-demanding and does not establish in the shade, but regenerates strongly in high light conditions (Coates 2000) . Pinus contorta seedling regeneration is likely to be even higher if P. contorta trees are removed after they are felled. Our treatments may have created other microclimatic differences that influenced our results; for example, soil and air temperatures may be more extreme and more variable in felled plots than in poisoned or untreated plots (Ritter et al. 2005; Latif & Blackburn 2010) . Felling P. contorta can also be associated with invasion by non-native grasses and herbs, due to belowground effects of P. contorta on soil biogeochemical cycling and mycorrhizal associations .
Regardless of the mechanisms driving our results, we can conclude that felling is not an efficient control method for P. contorta if the objective is to use a low intensity intervention to restore native vegetation. Additionally, the re-establishment of P. contorta seedlings after felling indicates that ongoing control is likely to be required for as long as the felling method is employed. Many studies on the control of other tree species come to the same conclusion (Kettenring & Adams 2001; McAlpine et al. 2009 ), so this principle might be applicable to many species of light-demanding invasive trees. The greater native seedling establishment in poisoned patches than in untreated patches could not be attributed to differences in light environment, because canopy openness was similar in poisoned and untreated patches. Alternative explanations include a decrease in below-ground competition and/or increase in soil moisture or nutrient availability following the death of canopy trees (Riegel et al. 1995) . Despite uncertainty about the mechanisms underlying differences in native seedling numbers, our results suggest that poisoning P. contorta trees could facilitate native plant succession where native seeds are present. A naturally established subcanopy of almost 50 native species has previously been recorded in untreated P. contorta forest at our study sites, although it was unknown whether the natives established before or after P. contorta invasion (Howell & McAlpine 2016 ). In the current study, there were also higher numbers of native seedlings at the Don Juan site compared with the Black Birch site. We were unable to explain this result, but there are likely to be a number of environmental differences between the sites, such as the difference in soil chemistry found in a previous study (Howell & McAlpine 2016) .
Control of invasive trees is not necessarily required to initiate native succession; many studies document native plant establishment in stands of untreated invasive trees (e.g. Rodriguez 2006; Williams 2011; Geldenhuys 2013) .The likelihood of natives establishing from seed within a closed canopy P. contorta forest may increase as the P. contorta forest ages. This is because evenly-aged, closed-canopy, monospecific forests tend to self-thin (see Westoby 1984) as they age, which tends to result in an increase in canopy openness and thus in light availability for seedling establishment (Franklin et al. 2002) . Poisoning P. contorta is likely to result in a similar gradual increase in light availability that may increase the rate of native seedling establishment. This change may take many years, given that some poisoned trees in our study retained brown, or even green, needles two years after treatment. In the long term, the dead P. contorta canopy will open up completely, as the dead trees collapse. Pinus contorta may re-establish at this point, depending on seed and light availability, and whether a shade-casting subcanopy has established in the interim (Wotton & McAlpine 2013) .
Establishment of beech and Coprosma grandifolia appears to be seed-limited at our study sites, as these seedlings were recorded in only four plots without seeds added. The distances (up to 400 m) between our study sites and native seed sources likely limit the supply of seeds. Beech seed is dispersed by wind, but most falls within 10 m of the parent (Wardle 1984; Canham et al. 2014 ). Although C. grandifolia seed is bird-dispersed, and thus potentially moved much further, adult trees were scarce in the area. Additionally, frugivorous birds tend to be uncommon in exotic forest in New Zealand (Wotton & McAlpine 2015) , so it is likely that few seeds of bird-dispersed species are being dispersed into the P. contorta forest. However, many species of native plants can survive in P. contorta forest (Howell & McAlpine 2016) and establish if seeds are introduced. Our results indicate that sowing native seed into P. contorta forest can increase native seedling establishment, particularly if trees are controlled in a way that leaves dead trees standing. Seed addition of species with short-lived seed banks, in particular, may be required to restore native vegetation at sites isolated from seed sources.
Previous studies have demonstrated that introduced mammals can have significant negative impacts on native vegetation in New Zealand (Campbell & Rudge 1984; Wardle et al. 2001; Wilson et al. 2003 ), but we did not detect a significant effect of mammal exclusion on native seedling presence or abundance in our study. It is possible that mice and small rats, which could access our cages, took some of the seeds sown on our plots. Interestingly, excluding mammals did result in higher numbers of P. contorta seedlings (in felled plots). Sika deer and red deer may be the main drivers of this effect, because they are common in the Kaweka Forest Park (Davidson & Fraser 1991; Fraser et al. 2000) , and are known from northern hemisphere studies to have negative impacts on the establishment, growth and survival of several Pinus species, including P. contorta (Gill 1992; Palmer & Truscott 2003; Widenmaier & Strong 2010) . Other mammal species such as possums, pigs, goats, rabbits, hares and rodents may also consume P. contorta seedlings and/or seeds and reduce seedling establishment (Castro et al. 1999; Ledgard & Norton 2008) . Our results suggest a potential management conflict; reducing mammal numbers in order to improve native plant recruitment may also improve P. contorta recruitment under certain conditions. It is also possible that cages had additional positive impacts on P. contorta seedling survival, for example by providing partial shade and/or wind protection.
Non-native plant species can act as 'nurse' crops, ameliorating harsh environmental conditions, for example by providing shade or increasing soil nutrient availability, thereby increasing the rate of native plant establishment (Ewel & Putz 2004; Yang et al. 2009 ). Examples include gorse (Ulex europaeus) and Scotch broom (Cytisus scoparius) in New Zealand (Wilson 1994; Burrows et al. 2015) , and briar (Rosa rubiginosa) in Argentina (Svriz et al. 2013 ). Invasive conifers can increase nutrient availability and thus improve the quality of degraded high country (mostly >600 m asl) soils in New Zealand (Davis 1998) , which could in turn increase native plant establishment (Dyck 2004) . Several studies have demonstrated that beech seedlings can survive in P. contorta forest (this study; Dehlin et al. 2008; Howell & McAlpine 2016) , so P. contorta could potentially act as a 'nurse' crop for beech. This may be particularly valuable in areas such as the Kawekas, where beech forest has been depleted due to past burning, clearing, and conversion to farmland (Elder 1959; Rogers 1994) . Beech is typically slow to re-establish and many factors have been implicated in this phenomenon, including poor seed dispersal, mycorrhizal limitation, competition from exotic grasses, browsing by small animals and absence of microsites protected from water stress (Wardle 1984; Ledgard & Davis 2004; Dickie et al. 2012 ) . A return to beech-dominated forest through P. contorta would take a very long time, but it may be possible to speed up this process through addition of seed or seedlings, as has been suggested for native forest restoration under the ecologically similar congeners P. ponderosa in New Zealand (Forbes et al. 2015) and P. radiata in Spain (Onaindia et al. 2013 ) and Chile (Becerra & Montenegro 2013) .
